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a b s t r a c t
Geochemical processes of sulfur (S) in river aquatic systems play a crucial role in environmental evolution. In this
study, the distributions and sources of reduced inorganic sulfur (RIS) and organic sulfur (OS) in coastal river surface sediments were investigated. The results indicated that OS dominated total S (80%), and OS (i.e., humic acid
sulfur, HAS; fulvic acid sulfur, FAS) correlated with the availability of labile organic matter (OM) and reactive iron
(Fe). Terrigenous inputs and sulfurization contributed to the enrichment of FAS through the S reduction.
Autochthonous biological inputs were potential sources of HAS from S oxidization. The X-ray photoelectron spectroscopy showed that the main sources of S in surface sediments were deposited as the form of organic estersulfate. Aquatic life could break S down further, producing reduced S compounds accumulated as thiols and
RIS in anoxic sediments. RIS was dominated by acid volatile sulfur (AVS) and chromium (II)-reducible sulfur
(CRS). Reactive Fe oxides were major control factors for the conversation from hydrogen sulﬁde (H2S) to AVS,
whereas elemental sulﬁde (ES) controlled the conversion from AVS into CRS in coastal rivers.
© 2020 Elsevier B.V. All rights reserved.

1. Introduction
Sulfur (S) plays an important role in the diagenesis and preservation
of organic matter (OM) in sediments (Ma et al., 2019). River sediments
are important repositories and sinks for S (Qin et al., 2019). The
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geochemical process of the S cycle in aquatic system exists in a large variety of organic and inorganic forms (Wang et al., 2016). Different S fraction conversion in sediments may inﬂuence environmental evolution
and ecological safety (Oueslati et al., 2018; Jørgensen et al., 2019).
Coastal rivers can be characterized as regions surrounded by areas of
excess nutrients and high pollutant loads with active sulfate reduction
(Qin et al., 2019; Liu et al., 2020). Generally, contaminant deposition
may stimulate benthic mineralization and oxygen depletion in surface
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sediments, and sulfate becomes the dominant terminal electron acceptor to oxidize OM, promoting dissimilatory sulfate reduction (Sun et al.,
2016; Ma et al., 2019). Dissolved hydrogen sulﬁde (HS− and H2S)
produced during dissimilatory sulfate reduction may quickly react via
several ways depending on environmental conditions (Wang et al.,
2012; Wang et al., 2016). There are three main pathways: oxidation
by chemical and biological processes, formation of reduced inorganic
sulfur (RIS), and formation of organic sulfur (OS) (Riedinger et al.,
2017; Fakhraee and Katsev, 2019). Oxidation is prominent within
oxic-anoxic interfaces (e.g., sediment resuspension and ﬂocculation)
where sulﬁde encounters oxidants, such as oxygen and oxidized
metal ion species (e.g., MnO2, Eq. (1)) (van de Velde et al., 2018;
Zhang et al., 2018). This oxidation converts H2S back to sulfate and
forms reduced S intermediates (e.g., polysulﬁdes) (Giuffrè and Vicente,
2018; Zhang et al., 2020), acting as precursors for the formation
of RIS and OS (Eq. (2)). In the presence of reactive Fe, the reduced S
may be reacted to acid volatile sulﬁde (AVS) (Eq. (3)) and eventually
chromium (II)-reducible sulfur (CRS) (Eq. (4)) (Sun et al., 2016).
AVS and CRS are two major end products of RIS in coastal sediments
(Kraal et al., 2013; Sheng et al., 2015; Sun et al., 2016). The transformation from AVS to CRS is typically controlled by the OM, reactivity
of Fe minerals and the availability of dissolved sulfate buried in
sediments (Morgan et al., 2012; Yang et al., 2020), which can be identiﬁed by the AVS/CRS ratios, the degree of pyritization (DOP) and
sulfurization (DOS).
H2 S þ MnO2 →S0 þ Mn2þ

ð1Þ

O2 þ H2 S→S0 ; SO4 2− ; SO3 2− ; S2 O3 2− þ H2 O

ð2Þ

H2 S þ Fe2þ →FeS þ 2Hþ

ð3Þ

FeS þ H2 S→FeS2 þ H2

ð4Þ

Additionally, sulﬁde can be sequestered as OS during OM
sulfurization and assimilatory sulfate reduction, producing humic S in
surface sediments (Chen et al., 2014; Fakhraee et al., 2017). This OS
can be further divided into humic acid S (HAS) and fulvic acid S (FAS)
(Brüchert, 1998). Active incorporation of reduced S intermediates into
HAS and FAS has been observed in estuary salt marshes (Ferdelman
et al., 1991; Brüchert, 1998), groundwater systems (Einsiedl et al.,
2008), eutrophic bay (Zhu et al., 2013) and marine mud sediments
(Zhu et al., 2014). Coastal water polluted by excess inputs of nutrients
from terrestrial sources or salt-water intrusion may enhance the accretion of OM mineralization and trapping of inorganic sediments (Nasir
et al., 2016; Riedinger et al., 2017). As a result of transformations, sulﬁde
production and oxidation cause rapid deoxygenation and acidiﬁcation
of the overlying water during sediment resuspension (Morgan et al.,
2012; Wang et al., 2020). Under this circumstance, free sulﬁde may accumulate in porewater, posing detrimental effects on benthic ecosystems if it cannot be effectively buffered by sedimentary Fe oxides
(Sheng et al., 2015; Shi et al., 2019). Therefore, the enhancement of buffering capacity (0.5 mol/L HCl extractable Fe, the Fe pool most readily to
buffer dissolved sulﬁde over short-time scales) is particularly important
to assess the health status of benthic ecosystem and its resilience for
rapid environmental changes. (Zhu et al., 2012; Liu et al., 2014).
Previous studies about S geochemical process mainly focused on diagenetic interactions among RIS in marine sediments (Zhu et al., 2013;
van de Velde et al., 2018; Qin et al., 2019). However, the conversion
mechanisms between RIS and OS in sediments are unclear, especially
in coastal rivers with stresses of terrestrial pollution and high salinity
brine inputs. The objectives of this study were to (1) investigate the
spatial distributions of S in the surface sediments in different types
of coastal rivers, (2) quantify the buffering capacity of sedimentary
Fe against sulﬁdes in coastal rivers, and (3) identify the anthropogenic
impacts on S\\Fe mineral accumulation and transformation in coastal
river sediments.

Fig. 1. Sampling locations in study area (a, overall map; b, JL; c, JR; d, GD).
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2. Material and methods
2.1. Study area description and sampling
Jiaolai River (JL), Jiahe River (JR) and Guangdang River (GD) are
three typical coastal rivers in the Shandong Peninsula, China (Fig. 1).
The length of the JL is approximately 130 km with a watershed area of
5478.6 km2. This river is of great importance given its vast ﬂux into
the Bohai Sea, and it provides irrigation and industrial water over a
catchment of 3900 km2 (Zhao et al., 2019). Many potential industrial efﬂuents (salt ﬁelds) and non-point source agricultural pollution are
noted along the JL. The sediments in JL bear a long-term exposure
with bitter brine discharge salt ﬁelds and potential pollutant inputs
from industries. The JR stretches for approximately 140 km, and the
total watershed area spans 2296 km2. JR is the source of drinking
water as it is located away from industrial areas and has less anthropogenic perturbations, entering the north Yellow sea (Liu et al., 2020). The
watershed area of JR is 1224 km2, originating from the Menlou reservoir
(largest reservoir in the local city). A series of rubber dams have been
constructed in the main stream to provide drinking water and prevent
seawater invasion. As a drinking water source, the sediments in JR
nearly can be regarded as undeﬁled sediment. The GD is a municipal
ﬂood discharge river, and it ﬂows into the North Yellow Sea with a
total length of 8 km. The GD is an artiﬁcial urban river with high chemical oxygen demand (50 mg/L, Li et al., 2016), which is mainly affected
by domestic sewage and few potential industrial efﬂuents. To provide
a water landscape, the riverbed of GD was constructed using concrete
many years ago instead of natural sediments. Many low concrete
dams were also constructed to maintain the GD river water levels.
Therefore, as an artiﬁcial urban river, the sediments in GD is shallow
(<20 cm), and there is no permeation in riverine bottom.
Sediment samples were collected from different rivers (Fig. 1).
Surface sediments were collected using a stainless steel grab sampler.
Immediately, samples were stored in sealed plastic bags ﬁlled with N2
in an icebox and were transported to the laboratory within 8 h. All samples were frozen at −18 °C until further handling. Dissolved oxygen
(DO), pH, electrical conductivity (EC), salinity and oxidation-reduction
potentials (ORP) were measured using a YSI Professional Plus handheld
multiparameter instrument (YSI Incorporated, Yellow Springs, USA).
Water samples (obtained approximately 20 cm under the surface
water) from each site were collected synchronously using a water
sampler.
2.2. Carbon, nitrogen and grain size analysis
The samples were homogenized and vacuum freeze dried, then
were grinded and sieved through a size 100 mesh for further analysis.
For total organic carbon (TOC) determination, sample was acidiﬁed
with 1 mol/L HCl for 16 h to remove carbonates. Subsequently, the mixture was washed using Milli-Q water to remove HCl and was then lyophilized for TOC analysis. For total nitrogen (TN) determination, the
sample was not subject to hydrochloric acid treatment. TOC and TN in
sediments were determined using a TOC-VCPH/SSM-5000A (Shimadzu,
Japan, RSD ≤ 3%) analyzer. The mass ratio of TOC to TN was displayed
as C/N. The particle sizes of sediments were analyzed using a laser particle size analyzer (Mastersizer 2000F, Malvern, UK, RSD < 2.5%). The
percentages of the following three groups of grain sizes were determined: <4 μm (clay), 4–63 μm (silt), and >63 μm (sand).
2.3. S fraction extraction
Generally, the RIS in fresh sediments were operationally deﬁned
as AVS (sulﬁdes extracted by hydrochloric acid, primarily FeS), CRS (primarily pyritic sulfur), and elemental sulfur (ES, a combination of oxidation products) (Berner et al., 1970). Brieﬂy, AVS (6 mol/L HCl, 1 h), CRS
(15 mL acidic Cr(II), 2 h) and ES (5 mL Cr(II) + 20 mL N,N-
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dimethylformamide + 5 mL concentrated HCl, 1 h) using a sequential
fractionation procedure (Sheng et al., 2015). Pure N2 was used as carrier
gas to purge and trap hydrogen sulﬁde (H2S) at 60 ± 1 °C (by electric
hot plate). Sulﬁde was released as H2S during AVS, CRS and ES extraction. H2S was trapped as CuS in CuCl2 (0.1 mol/L) traps. Here, 0.5 and
1 mg/L sulﬁde solutions (Na2S) were used in the recovery experiments
(average sulﬁde recovery rate was 96%). The measured sulﬁde data
were converted to real sulﬁde content after correction for the recovery
rate. The precision of triplicate analyses was generally less than 5% for
each fraction.
The OS fraction extraction for FAS and HAS was based on the reported
method (Zhu et al., 2013). Brieﬂy, approximately 5 g wet sample
was sequentially washed with 0.5 mol/L NaCl and 1 mol/L HCl under N2
atmosphere and acetone to remove sulfate, AVS and ES, respectively.
The residual sample was extracted with 0.1 mol/L NaOH (15 mL) under
N2 for 24 h to extract humic substances. The extraction procedure was
repeated (5 to 8 times) until the extract was faintly yellow. The supernatants were separated by centrifugation (4000g, 20 min), and the ﬁltrates
were acidiﬁed to pH 2 to precipitate humic acid over 48 h. The supernatant was collected for FAS analysis, and the precipitate was separated by
centrifugation for HAS determination. The precipitate was freeze-dried,
ground, and calcined at 800 °C for 2 h to convert HAS to sulfate following
Eschka's procedure (Mott and Wilkinson, 2007). The resultant sulfate was
dissolved in Milli-Q water (60 °C, 30 min) prior to ﬁltration. The extracted
solution was acidiﬁed to pH 2, and then excess 10% (w/v) BaCl2 (10 mL)
was added to precipitate sulfate as BaSO4 and weighed by gravimetry.
For FAS, 20 mL H2O2 (30% v/v) was added to the supernatant at 60 °C
for 1 h. The H2O2 oxidation procedure was repeated thrice to ensure
complete oxidation of FAS to sulfate. The sulfate was precipitated as
BaSO4 and weighted for FAS calculation.
2.4. Solid phase Fe extraction
The speciation of solid-phase Fe was divided into total labile Fe (LFe,
including LFe(II) and LFe(III)), total reactive Fe (RFe, including RFe(II),
RFe(III)) and sodium dithionite extractable Fe (FeD). LFe is designated
as biologically reactive Fe, and LFe(III) is mainly obtained from
amorphous and poorly crystalline Fe(III)-oxyhydroxides (Azzoni et al.,
2005). LFe(II) mainly consists of Fe sulﬁdes (pyrite excluded). RFe is
designated as the fraction of Fe in sediments that readily reacts with
sulﬁde to form various Fe sulﬁde minerals and eventually pyrite
(Canﬁeld, 1989). FeD is mainly composed of Fe oxides and
oxyhydroxides (Zhu et al., 2012). Brieﬂy, approximately 1 g wet sample
was extracted with 0.5 mol/L HCl (25 mL, 12 h), 6 M HCl (25 mL, 12 h),
and 50 g/L sodium dithionite (25 mL, 12 h) successively and then centrifuged (3000g, 15 min). Supernatants were ﬁltrated for Fe(II) (LFe(II)
and RFe(II)), LFe and RFe determination. LFe, RFe and FeD concentrations in the extracts were measured using the 1,10-phenanthroline
method (Kraal et al., 2013). Both LFe(II) and RFe(II) were measured
by the same method but without hydroxylamine. Dissolution and reduction of the entire quantity of Fe(III) (LFe(III) and RFe(III)) were ensured by spiking with 1 mL HCl (1:1) and 1 mL 10% (wt%)
hydroxylamine hydrochloride. LFe(III) and RFe(III) were the difference
between LFe and LFe(II) and between RFe and RFe(II), respectively.
The repeated measurement error was less than 8%.
2.5. Sulfate in porewater and X-ray photoelectron spectroscopy (XPS)
analysis
Porewater was extracted by centrifugation at 4000g for 20 min and
ﬁltered through 0.45 μm. The ﬁltrate (porewater) was diluted approximately 15 times for sulfate analysis via barium chromate spectrophotometry (HJ/T 342-2007, Chinese standard) and determined by a UV–visible
spectrophotometer (UV-2450, Shimadzu Co., Tokyo, Japan) at 420 nm.
Powdered samples were pressed onto indium foil with a clean spatula
for XPS analysis. XPS spectra were obtained on the American
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ThermoFischer ESCALAB 250Xi spectrometer using Al Ka excitation
(hv = 1486.6 eV). The monochromatic Al X-ray source was operated at
low power (14.6 kV, 13.5 mA). The emitted photoelectrons were detected
by the analyzer with a passing energy of 20 eV and 0.1-eV steps.
2.6. Data calculation
Chemical buffer capacity (βL) is a measure of the actual buffer capacity of rapid buffering towards dissolved sulﬁde and is described in equation (Eq. (5)) based on that reported by Azzoni et al. (2005) as follows:
βL ¼ ½LFeðIIÞ−AVS þ 1:5  LFeðIIIÞ

ð5Þ

3S2− þ 2FeðIIIÞ ¼ S0 þ 2FeS

ð6Þ

where [LFe(II) - AVS] is the buffering capacity of Fe(II) that has not yet
been sulfurized, and 1.5 LFe(III) is the buffering capacity of labile Fe
(III) oxides that quickly buffer dissolved sulﬁde according to the 3:2
stoichiometry between S2− and FeS (3:2) in Eq. (6) (Zhu et al., 2012).
The degree of pyritization (DOP) and sulfurization (DOS) can be
used to characterize pyritization and sulfurization of reactive Fe availability relevant to quick buffering of dissolved sulﬁde and is calculated
by Eqs. (7) and (8) (Berner et al., 1970) as follows:

3.2. Distributions of different Fe species
The distribution of different Fe species is illustrated in Fig. 4. The LFe
average in GD was 93.82 ± 2.08 μmol/g, which was increased compared
with that noted in JL (54.64 ± 2.36 μmol/g) and JR (60.17 ± 2.54 μmol/g).
In all rivers, the averages of LFe(III) (6.72 ± 0.32, 17.31 ± 1.76
and 14.57 ± 0.46 μmol/g in JL, JR and GD respectively) were far lower
than LFe(II) (47.92 ± 2.11, 42.86 ± 1.27 and 79.25 ± 1.64 μmol/g, respectively). These results indicated that LFe(II) dominated the LFe, and a large
portion of LFe(III) was reduced. However, the average total RFe in JR
(182.80 ± 10.62 μmol/g) and GD (190.92 ± 13.48 μmol/g) were
increased compared with that noted in JL (143.22 ± 14.44 μmol/g),
with RFe(III) averages of 154.28 ± 7.96, 144.5 ± 9.83 and 107.28 ±
5.66 μmol/g, in JR, GD and JL, respectively. These values were considerably
increased compared with RFe(II) values at all sites (28.52 ± 2.66, 46.44 ±
3.64 and 35.94 ± 8.78 μmol/g in JR, GD and JL, respectively). The RFe(III)
content was considerably increased compared with LFe(III), exhibiting
a similar variation trend to RFe along the rivers. Overall, RFe(III) dominated the RFe in these coastal rivers. A large portion of RFe
(III) remained unreduced, or RFe(II) was oxidized. Averaged FeD values
in JL, JR and GD were 19.08 ± 2.05, 25.38 ± 2.21 and 30.18 ±
3.00 μmol/g, respectively (Fig. 4).
3.3. AVS/CRS, DOP and DOS variations

DOP ¼ Fe ðCRSÞ=½Fe ðCRSÞ þ Fe ðHClÞ

ð7Þ

DOS ¼ ½Fe ðAVSÞ þ Fe ðCRSÞ=½Fe ðCRSÞ þ Fe ðHClÞ

ð8Þ

where Fe (CRS) is the amount of Fe bound to CRS, which is calculated
by CRS/2 according to the 1:2 stoichiometry of FeS2; Fe (AVS) is
sulﬁde-bound Fe(II) assuming that AVS predominantly occurs as FeS;
and Fe (HCl) is the “residual” reactive Fe that has not been pyritized.
The availability of highly reactive Fe relevant to quick buffering of dissolved sulﬁde in sediments was quantiﬁed by FeD to characterize
pyritization and sulfurization.
3. Results
3.1. Properties of overlying water and sediments
General parameters of overlying water are shown in Table S1. The
pH values in JL, JR and GD ranged from 2.79 to 8.28, 6.42 to 8.61, and
8.03 to 8.85, respectively. The salinity in JL (mean 6.41 ± 0.01 PSU)
was increased compared with JR (0.47 ± 0.01 PSU) and GD (0.50 ±
0.01 PSU) except for the estuaries. Both DO and ORP values in three rivers were greater than 6.4 mg/L and 117 mV, respectively. The average Ec
in JR (6.8 ± 0.02 ms/cm) was lower than that in JL (17.9 ± 0.01 ms/cm)
and GD (19.2 ± 0.01 ms/cm). Higher coefﬁcients of variation of Ec and
salinity were observed in JR (2.1 and 2.3, respectively), indicating increased variation of these parameters along the river compared to JL
(1.1 and 1.3, respectively) and GD (1.2 and 1.2, respectively). As
shown in Fig. 2, sand dominated the sediment particle size in JL
(77 ± 0.03%), JR (65 ± 0.02%) and GD (58 ± 0.03%), indicating the effects of rainwater erosion and transport. The highest sedimentary TOC
and TN were noted in GD with average values of 2.62 ± 0.01% and
0.27 ± 0.01% respectively, followed by JR (1.17 ± 0.01% and 0.17 ±
0.01%) and JL (0.25 ± 0.01% and 0.04 ± 0.01%). Overall, TOC and TN in
coastal rivers exhibited a decreasing trend from upstream to estuary expect for GD. The C/N ratios (TOC/TN) of sediments are displayed in
Table S2. The mean C/N ratio was 8.5 ± 0.30 in JL, which was close to
JR (8.4 ± 0.13) but lower than that in GD (10.5 ± 0.12). Sulfate concentrations in porewater ranged from 1210.50 ± 28.07 to 7782.02 ±
38.23 mg/L in JL (mean 5562.25 ± 47.33 mg/L), 63.21 ± 9.61 to
2333 ± 74.86 mg/L in JR (mean 490 ± 22.54 mg/L) and 51.31 ±
19.22 to 2337.30 ± 72.09 mg/L in GD (mean 716 ± 34.33 mg/L), respectively (Fig. 3).

In this study, AVS/CRS ratio (Table S2) varied from 0.34 to 4.78 in JL
(mean 2.29 ± 0.17), 0.01 to 2.89 in JR (mean 0.78 ± 0.19) and 0.12 to
1.86 in GD (mean 1.18 ± 0.08). The average DOP and DOS values
were 0.13 ± 0.02 and 0.68 ± 0.05 in JL, 0.31 ± 0.03 and 0.61 ± 0.08
in JR, 0.39 ± 0.03 and 1.34 ± 0.13 in GD, respectively. Overall, the
highest AVS/CRS value was noted for JL, while the highest DOP and
DOS values were observed for GD.
3.4. Distribution of S fractions
The spatial distribution of S fractions in surface sediments is illustrated in Fig. 5 and Table S3. OS (sum of HAS and FAS) accounted for
89%, 85% and 77% of total S in JL, JR and GD, respectively (Fig. 5a). FAS
was the dominant component of OS in JL (76%) and GD (75%) with average values of 234.89 ± 11.01 and 241.61 ± 13.16 μmol/g, respectively,
whereas HAS dominated OS in JR (74%) at 161.68 ± 7.98 μmol/g
(Fig. 5b). HAS in JL and GD exhibited narrow average values of
37.98 ± 2.60 μmol/g and 79.09 ± 6.35 μmol/g, respectively, which
were considerably lower than that in JR.
RIS (sum of AVS, CRS and ES) in GD sediments were 4-fold and 3-fold
increased compared with JL and JR, respectively. The average AVS contents in JL (17.08 ± 0.69 μmol/g) and GD (60.11 ± 3.88 μmol/g) were
increased compared with JR (10.48 ± 1.94 μmol/g). In JL and GD, AVS
was the main component of RIS (65% and 70% of RIS in JL and GD, respectively), exhibiting a consistent spatial trend in the upper reach
with unusually high values at JL6 (1000.62 ± 13.66 μmol/g) and GD3
(392.16 ± 29.80 μmol/g). However, CRS dominated RIS (70%) in JR
with an average of value was of 25.10 ± 1.38 μmol/g, which was increased compared with JL (6.71 ± 0.68 μmol/g) but less than the GD
(42.90 ± 1.64 μmol/g). The ES shared the lowest proportion of RIS in
JL, JR and GD at 1.4%, 0.03% and 1.7% of RIS, respectively. ES content exhibited a consistent reducing trend from upstream to downstream in JL,
JR and GD with averaged contents of 2.51 ± 0.25, 0.09 ± 0.02 and
6.87 ± 0.51 μmol/g, respectively.
3.5. XPS results
Three representative sediment samples (JL6, JR10, GD3) were selected
for XPS determination. The site selection for these three sites were based
on their sediment environmental characteristics, mainly including
contents of sulfate, OS (FAS and HAS), RIS (AVS, CRS and ES), different
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Fig. 2. Spatial distribution of grain size composition of surface sediments.

Fig. 3. Concentrations of sulfate in porewaters in different coastal rivers.

Fe fractions and the potential pollution source along the river. The XPS
ﬁtting curves of C1s and S2p levels and analysis results of S speciation
were presented in Fig. 6 and Table 1, respectively. The C1s spectrum revealed sharp peaks at 284.0-eV binding energy with a low tail towards
higher binding energies. This observation suggested the existence of variable functional groups (particularly, oxidized carbons, e.g., O=C=O,
C\\O, C_O) in three rivers. The spectral simulation of S2p photopeaks
at high binding energies (167.4–169.1 eV) corresponded to highly oxidized S (+4 to +6), including sulfate, sulfate esters, sulfones and sulfonates (Fakhraee et al., 2017). This component was detected in all
specimens with the highest abundance of 33–67% of the total amount of
S. Photopeaks at low binding energies (163.5–164.7 eV) were attributed
to OS entities, which were close to reduced S (−2 to +2) (Couture
et al., 2016). Corresponding organic species may include thiols, thiophenes and disulﬁdes. Their content in sediments ranged from 17 to
33% of the total amount of S.
4. Discussion
4.1. Source discriminations of depositional OM in sediments
The C/N ratio is frequently used to identify historical sources of sedimentary OM and indicates the watersheds inﬂuenced by human disturbance (Nasir et al., 2016). When sedimentary OM primarily originates
from endogenous materials (e.g., algae) containing abundant aquatic
protein-rich and cellulose-poor organisms, it typically has a C/N ratio

between 6 and 10. When the C/N ratio is greater than 15, sedimentary
OM is mainly derived from terrestrial plants that are protein in poor
and cellulose rich (Meyers, 1997). In this work, high C/N ratios were observed in several sites in JL (JL1, 15.08 ± 0.25; JL6, 14.22 ± 0.21) and
most sites in GD (most sites >10, except GD1), which were close to the
range for typical terrestrial sources. This result indicated that external inputs already signiﬁcantly impacted JL and GD. High TOC values were primarily observed in the upper and lower reaches of JL and the middle
reach of GD where it ﬂowed through urban areas (including some special
industrial parks). Thus, water quality was potentially affected by the inputs of pollutants from industrial and living sources, yielding acidic pH
(low as 2.79 ± 0.03) and alkalescence pH (up to 8.85 ± 0.01) values in
JL and GD, respectively. Moreover, a low ratio in most sites of JL is attributed to frequent artiﬁcial disturbance of sediments, such as dredging and
sand excavation, resulting in low OM deposition (Liu et al., 2020). However, this ratio was ranged from 4 and 12 in JR, which was close to the
range for aquatic algae, suggesting that internal phytoplankton contributes to OM in JR. The hydraulic conditions have been changed drastically
by the series of rubber dams (Bao et al., 2020), and the slow water current
contributed to an increased proportion of ﬁne particles (clay) with high
TOC deposition in the middle reach of JR (Fig. 2 and Table S1). The
dammed urban river typically suffers from blooms of macrophyte and
phytoplankton alternatively (Bao et al., 2020). The decomposition of settled phytoplankton debris contributed to the sinking of algae OM particulate into surface sediments (Yang et al., 2011; Wang et al., 2012). Thus, the
process of humiﬁcation or mineralization in aquatic environments can
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Fig. 4. Spatial distribution of solid phase Fe in surface sediments (a, LFe; b, RFe; c, FeD).

decrease C/N ratios by OM degradation (Nasir et al., 2016), which was
conﬁrmed by the high HAS and DOP in JR (Fig. 5 and Table S2).
4.2. Factors controlling S speciation
4.2.1. Iron sulfurization and pyritization
The values of AVS/CRS ratios, DOP and DOS are typically used to ascertain factors controlling the formation of AVS, CRS and the conversion
of AVS to CRS (Gagnon et al., 1995). In this study, the AVS/CRS ratios in
JL (mean 2.29 ± 0.17) and GD (mean 1.18 ± 0.08) were higher than 1,
which were close to the ratios in adjacent coastal rivers in Laizhou Bay
(mean 1.27, Sheng et al., 2015) and saltmarsh wetlands (mean
1) along coast of the North Yellow Sea (Yang et al., 2020), indicating
low conversion from AVS to CRS occurred in study area. This notion
was conﬁrmed by low DOP and high DOS values in JL (DOP, 0.13 ±
0.02; DOS, 0.68 ± 0.05) and GD (DOP, 0.39 ± 0.03; DOS, 1.34 ± 0.13).
This observation indicated that the sulfurization process occurred easily
in JL and GD (Couture et al., 2016). In addition, RFe cannot limit Fe sulﬁde formation, but that the conversion of AVS to CRS was inhibited by
AVS precipitation (Sun et al., 2016; Jørgensen et al., 2019). This

phenomenon could be explained by the enrichment in RFe(III) in JL
and GD as demonstrated by Eq. (6) (Oueslati et al., 2018). Conversely,
in JR (Fig. 5b), a high portion of CRS (70% of RIS) and low AVS/CRS
ratio (0.78) indicated that AVS was capable of rapid conversion to CRS
(Meng et al., 2019) in contrast to JL and GD. This notion was supported
by high DOP (up to 0.73) and DOS (up to 0.88) in JR. The different
conversion efﬁciencies of AVS to CRS in three rivers were related to
the redox conditions and/or sedimentation rates (Couture et al., 2016;
Qin et al., 2019).
The low TOC (0.25 ± 0.01%) and high DO (7.9 ± 0.02 mg/L) and ORP
(259.5 ± 0.01 mV) in JL (Table S1) suggested that the top layers of surface sediment were aerobic; these conditions would inhibit sulfate reduction and enhance S\\Fe oxidation (Brocławik et al., 2020; Yang
et al., 2020). This ﬁnding was consistent with low RIS retention fractions
in JL (15.2% of total S). Because temporary aerobic conditions followed
the brine (with high salinity) input from the salt ﬁelds (especially at
JL4 and JL5), which increased Fe-oxide bioavailability (RFe(III)
accounted for 75% of RFe). Therefore, rapid input and/or enrichment
of Fe oxides in JL would result in the domination of dissimilatory Fe reduction rather than sulfate reduction (Eqs. (9) and (10)) (van de Velde
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Fig. 5. Proportions (a) and concentrations (b) of different S fractions in surface sediments.

4FeOOH þ 1=2 H2 S þ 7Hþ →4Fe2þ þ 1=2SO4 2− þ 6H2 O

ð10Þ

could lead to the stabilization of the RIS pool as AVS (Morgan et al.,
2012; Shi et al., 2019). Abundant RFe(II) was noted in JL (35.94 ±
8.78 μmol/g) and GD (46.44 ± 3.64 μmol/g), but levels were low in JR
(28.52 ± 2.66 μmol/g). Therefore, excessive RFe(II) could inhibit the accumulation of reduced S (HS− and H2S) in the porewater in JL and GD
due to AVS precipitation (Eq. (12)) (Liu et al., 2014). Thus, the weak diffusion of H2S towards the redox boundary combined with high sedimentation rates restricted the solubility of solid ES (Eq. (11)), which
could otherwise form polysulﬁde (Eq. (2)) (Zhang et al., 2018). This hypothesis was conﬁrmed by higher ES retention efﬁciencies in JL and GD
compared to JR (Fig. 5). The formation of polysulﬁdes would subsequently activate the pyritization process (Eq. (13)) and thereby increase
the conversion rate of AVS to CRS (Jørgensen et al., 2019), thus
explaining the low AVS/CRS ratio in JR.

S0 þ H2 O þ 3=2O2 →2Hþ þ SO4 2−

ð11Þ

Fe3þ þ HS− →2Fe2þ þ S0 þ Hþ

ð12Þ

Sn 2− þ FeS→FeS2 þ S2− n−1

ð13Þ

et al., 2018; Yang et al., 2020). However, the sediments often become
anoxic due to stratiﬁcation by halocline under high salinity, which allows H2S to diffuse into surface sediments or above the sedimentwater interface by the dissimilatory reduction of sulfate (Riedinger
et al., 2017; Zhao et al., 2019). Moreover, the sulfate-reducing reaction
at low pH in JL (low as 2.79) would be insufﬁcient since adequate H+
would inhibit the solubility of polysulﬁde (Eq. (11)) (Giuffrè and
Vicente, 2018). These processes subsequently greatly favored the accumulation of AVS in relation to that of the CRS formation. The AVS dominated the RIS in JL, which conﬁrmed the above hypothesis.
Fe2þ þ 1=4O2 þ 3=2H2 O→2Hþ þ FeOOH

ð9Þ

A previous study reported that higher AVS/CRS ratios are typically
observed in rapidly deposited sediments (Gagnon et al., 1995). In slowly
accumulating sediments, AVS is a minor component of the RIS or even
absent when CRS accumulates rapidly (Yang et al., 2020). Accordingly,
the high ratio in GD could result from a rapid sediment accumulation
rate related to the increased incidence of reducing conditions and
bottom water hypoxia/anoxia by the process of OM decomposition
(Kraal et al., 2013; van de Velde et al., 2018). Therefore, the combination
of strong sulfate reduction and weak sulﬁde oxidation in GD sediments

4.2.2. Transformation of OS in sediments
Geochemistry processes always play crucial roles in controlling the
transformation of sedimentary OS, particularly during early diagenesis
(Morgan et al., 2012; Kraal et al., 2013). Sedimentary FAS dominated
the total S pool in JL and GD, far exceeding FAS in JR, which was attributed to the trophic status of the environment (Fakhraee and Katsev,
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Fig. 6. Typical spectral simulation of C1s and S2p photopeaks observed in XPS spectrum.

Table 1
The XPS S2p analysis of surface sediments.
Sampling sites

Binding energies (eV)

Model compound

Area (%)

JL6

163.5
164.7
168.0
169.1
167.4
168.6
167.8
169.0

Thiols sulﬁdes
Disulﬁdes thiophenes
Sulfones
Sulfate
Sulfoxides
Sulfonates and Sulfate esters
Sulfones
Sulfate

33
17
33
17
67
33
66
34

JR10
GD3

2019). Generally, high FAS exists in eutrophic environments because FA
is more readily sulfurized during diagenesis compared with HA at the
redox boundary (Brüchert, 1998; Zhu et al., 2014). This notion was conﬁrmed by high levels of FAS (approximately 5 times greater than HAS)
and DOS (JL, 0.68; GD, 1.34) in JL and GD (Fig. 5 and Table S2), which

was much higher than previous observations in eutrophic Jiaozhou
Bay (7.9–70 μmol/g, Zhu et al., 2014; Chen et al., 2014). This phenomenon suggested that high FAS was closely associated with allochthonous
(terrestrial production) input from terrestrial point and non-point
source pollution (Shi et al., 2019; Wang et al., 2020) because allochthonous sources contain substantial amounts of RFe oxides and OM (Fig. 4
and Table S1). Thus, the rapid input or enrichment of Fe oxides plus frequent redox oscillations in surface sediments promote sulfurization
through rapid generation of intermediate S species via partial oxidation
of sulﬁdes by RFe oxides (Wang et al., 2016; Riedinger et al., 2017;
Zhang et al., 2018). These intermediates could be formed during the
reaction between OM and dissolved sulﬁde, presenting H2S accumulation in FA (Brüchert, 1998; Einsiedl et al., 2008). This process would
be regulated by the radical addition reaction of H2S to quinones and
by the formation of aryl thio-compounds (Giuffrè and Vicente, 2018).
Additionally, high OM enrichment in surface sediments (especially in
GD) was also favorable to sulfurization. Excessive sulﬁde produced via
bacterial sulfate reduction may mitigate or even eliminate competitive
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inhibition of Fe sulﬁde formation (Chen et al., 2014; Zhang et al., 2020).
The distribution of RIS forms (summarized in Table S3) and XPS data
(Table 1) also showed that reduced S compounds constituted a signiﬁcantly higher proportion of S in GD compared to JL and JR. Accordingly,
the availability of RFe and OM are important factors that control FAS formation, which clearly demonstrates the anthropogenic impacts on benthic geochemistry in the coastal river sediments.
In undeﬁled JR, high HAS and low FAS are probably related to HA and
intrinsically refractory during early diagenesis (Zhu et al., 2013). This
notion was supported by XPS results, which demonstrated that the OS
was stored as stable compounds of sulfonates and ester-sulfates
(Fig. 6). This ﬁnding was also consistent with a study by Morgan et al.
(2012), suggesting HAS were likely associated with organic structures
(such as macromolecules) in the sediment. Previous studies have conﬁrmed that ester-sulfates can be formed via biotic rather than abiotic
mechanisms (Fakhraee and Katsev, 2019; Jørgensen et al., 2019;
Brocławik et al., 2020). Regarding the formation of sulfonates, both geochemical and biological pathways are possible (Zhu et al., 2014;
Fakhraee et al., 2019). Biosynthetic HAS is derived from aquatic vascular
plants or from dissolved sulfate assimilated by algae (Giordano and
Raven, 2014). Since the roots of aquatic vascular plants extend into anoxic sediments, dissolved sulﬁde can be assimilated either directly or via
reoxidation to sulfate (Yang et al., 2020). This notion was further supported by the fact that the sedimentary environment in JR was characterized by oxidizing-to-reducing oscillation since abundant aquatic
organisms are reﬂected by low C/N ratios (<10). Such conditions
changed the residence time of RIS species in the vicinity of the interface,
and more sulﬁdes were further oxidized into intermediate S (Sun et al.,
2016; Couture et al., 2016). Moreover, rapid inputs and/or enrichments
of RFe could also be used as oxidizing agents to oxidize H2S in
porewater, improving the production of intermediate S (Giuffrè and
Vicente, 2018; Ma et al., 2019). During this process, a portion of
sulfur-containing molecules or released free sulﬁde quickly reacts
with reactive sites on adjacent biomolecules (Oueslati et al., 2018;
Fakhraee et al., 2019). Cross-linking of HA with organic molecules contributed to the increase in the content of macromolecular organic polymers during diagenesis (Morgan et al., 2012; Fakhraee et al., 2017),
resulting in the accumulation of HAS in JR.
The sulfur-bearing OM deposited in riverine surface sediment
mainly originates from allochthonous terrestrial sources and autochthonous primary production, where it typically dominates the total S pool
(Zhu et al., 2013; Couture et al., 2016). Sedimentary OM predominantly
contains oxidized OS (R-O-SO3-H groups, such as ester-sulfates, sulfoxides/sulfone) or reduced OS (R-SH groups, such as thiols and sulﬁde)
(Couture et al., 2016; Fakhraee et al., 2017). In both pools (endogenous
and exogenous sources), R-O-SO3-H appears to be the dominant species. In this work, high levels of R-O-SO3-H groups are consistent with
the above ﬁndings (Fig. 6 and Table 1), suggesting that highly oxidized
OS is stored in surface sediments. Thus, allochthonous terrestrial
sources and autochthonous primary production contained large
amounts of reactive OM (Giordano and Raven, 2014), and aquatic life
can break it down further, producing reactively reduced OS compounds
(e.g., thiols) and RIS in anoxic sediments, such as in JL and GD. R-SH
could be rapidly oxidized to form sulfoxides/sulfone and then subsequently form stable compounds of sulfonates, which may resist
remineralization (Ferdelman et al., 1991). Moreover, OS could also be
utilized by microorganisms, such as bacteria that cleave the bonds in
R-O-SO3-H (e.g., aryl sulfatase) and R-SH (e.g., cysteine lyase), releasing
SO2−
and HS−, respectively, to sediment porewater (Fakhraee et al.,
4
2017). In the aerobic sediment, RIS can be oxidized to provide an additional source of sulfate for anaerobic microbial oxidation of sedimentary
OM (Wang et al., 2016; Yang et al., 2020). Therefore, sulfate reduction
may dominate dissimilatory Fe reduction by the coupled dynamics between the RIS and OS cycles, accumulating as reduced S species of RSH and RIS in the anoxic sediment. These OS transformations would
lead to low turnover rates of the total OS pool and therefore enhance
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OS accumulation, resulting in high OS in surface sediments in coastal
rivers.

4.3. Rapid sulﬁde-buffering capacity
Rapid sulﬁde-buffering capacities (βL) represents a potential
buffering capability for the removal of dissolved sulﬁde by reaction with
Fe (Heijs et al., 1999; Azzoni et al., 2005). In this work, calculated βL values
ranged from 11.6 to 66.5 μmol/g in JL (average 40.9), 32.8 to 103.3 μmol/g
in JR (average 58.3) and 14.7 to 74.1 μmol/g in GD (average 41). In
comparison, Table 2 showed the βL and some relevant parameters
together with other sediments impacted by anthropogenic perturbations.
The values of βL for three rivers were roughly similar to Fe-rich sediments
of intertidal mudﬂat (Meng et al., 2019) but substantially increased
compared with Fe-poor sediments in Arcachon Bay (Heijs et al., 1999)
and coastal lagoons (Signorini et al., 2008), indicating that the high LFe
played a critical role in the rapid buffering of dissolved sulﬁde. The AVS/
LFe ratio can be used as an indicator for buffering saturation of Fe towards
free sulﬁde (fraction of LFe has been sulfurized) (Azzoni et al., 2005). An
AVS/LFe ratio < 0.25 indicates a state of high residual buffering capacity,
and a value between 0.75 and 1 indicates exhausted buffering capacity.
The activity of sulﬁde produced by bacterial sulfate reduction is expected
to be released when AVS/LFe is greater than 1. In this work, the ratios of
AVS/LFe in GD were 0.02–0.93 (mean 0.53), which were close to the
range in coastal lagoon sediments (0.05–0.84, Signorini et al., 2008),
suggesting buffering saturation in surface sediments. This ﬁnding implied
that βL appeared to be exhausted in surface sediments in GD, where
sulfate reduction rates (SRR) were probably high due to the impact of pollution as reﬂected by high TOC enriched in surface sediments (Table S1).
In JR sediments, AVS/LFe was less than 0.5, indicating excess buffering capacity of LFe for sulﬁde production. However, in JL sediments, AVS/LFe
values were <0.25 except for JL3 (0.5) and JL8 (0.84). This result is similar
to that observed in other studies (Zhu et al., 2012; Liu et al., 2014),
suggesting a high residual buffering capacity at most sites. This
phenomenon was probably related to the effects of frequent artiﬁcial
disturbance (such as dredging and sand excavation) with sediment
porosity (coarse sediments), which would make free sulﬁde stripping
by the N2 gas stream easier (Oueslati et al., 2018). Moreover, the removal
of free sulﬁde might stimulate SRR (Qin et al., 2019; Ma et al., 2019).
Therefore, free sulﬁde accumulated in only several sites in JL and
most sites in GD, increasing the threat of benthic S poisoning. Correspondingly, most sites in JR and JL experienced high buffering saturation,
which does not cause detrimental effects on benthic ecosystems, such
as Jiaozhou Bay and East China Sea inner shelf sediments (Zhu et al.,
2012; Liu et al., 2014).

Table 2
The comparison of buffering capacities and relevant parameters at various areas.
Location

Site

LFe
(μmol/g)

βL
(μmol/g)

AVS/LFe

Source

Arcachon Bay

A
B
Caprolace
Fogliano
J1
J2
J3
C

3.4–20
47–80
14.7–37.7
35–55.9
106–148
71.4–99
73–85
65–150

−2.1-24
31-59
3.4–26.3
15.9–44.7
108–142
82–98
75–94
73–167

0.02–1.9
0.28–0.36
0.35–0.84
0.05–0.72
0.0005–0.10
0.001–0.007
0.002–0.007
0–0.04

Heijs et al., 1999

JL
JR
GD

22–125
38–93
31–131

12–67
33–103
15–74

0.05–0.84
0.01–0.44
0.02–0.93

Coastal
lagoons
Jiaozhou Bay

East China
sea
Jiaolai River
Jiahe River
Guangdang
River

Signorini et al.,
2008
Zhu et al., 2013

Liu et al., 2014

This study
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5. Conclusions
The environmental transformations of S in coastal river sediments
provide evidence for a link between RIS formation and OS sulfurization.
OS dominated total S and correlated with the availability of OM and RFe.
Terrigenous inputs and sulfurization may be important factors
determining the high enrichment of FAS through the reduction of S.
Autochthonous biological inputs were potential sources HAS from S
oxidization. The main sources of S in surface sediments were deposited
in the form of R-O-SO3-H. Aquatic life can break it down further, and reduced S compounds accumulated as R-SH and RIS in anoxic sediments.
The generation and accumulation of RIS in coastal rivers are regulated
by TOC and RFe in sedimentary environments, where AVS and CRS dominated RIS. RFe oxides are the major controlling factors of conversation
from H2S to AVS, while the ES is the major controlling factor of conversion from AVS into CRS. The transformations between OS and RIS would
lead to low turnover rates of the total OS pool and therefore would
enhance OS accumulation in coastal rivers.
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